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Abstract Soil systems are a common receptor of anthropogenic mercury (Hg) contamination. Soils play an important
role in the containment or dispersion of pollution to surface
water, groundwater or the atmosphere. A one-dimensional
model for simulating Hg fate and transport for variably saturated and transient flow conditions is presented. The model is
developed using the HP1 code, which couples HYDRUS-1D
for the water flow and solute transport to PHREEQC for
geochemical reactions. The main processes included are Hg
aqueous speciation and complexation, sorption to soil organic
matter, dissolution of cinnabar and liquid Hg, and Hg reduction and volatilization. Processes such as atmospheric wet and
dry deposition, vegetation litter fall and uptake are neglected
because they are less relevant in the case of high Hg concentrations resulting from anthropogenic activities. A test case is
presented, assuming a hypothetical sandy soil profile and a
simulation time frame of 50 years of daily atmospheric inputs.
Mercury fate and transport are simulated for three different
sources of Hg (cinnabar, residual liquid mercury or aqueous
mercuric chloride), as well as for combinations of these
sources. Results are presented and discussed with focus on
Hg volatilization to the atmosphere, Hg leaching at the bottom
of the soil profile and the remaining Hg in or below the initially
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contaminated soil layer. In the test case, Hg volatilization was
negligible because the reduction of Hg2+ to Hg0 was inhibited by
the low concentration of dissolved Hg. Hg leaching was mainly
caused by complexation of Hg2+ with thiol groups of dissolved
organic matter, because in the geochemical model used, this
reaction only had a higher equilibrium constant than the sorption
reactions. Immobilization of Hg in the initially polluted horizon
was enhanced by Hg2+ sorption onto humic and fulvic acids
(which are more abundant than thiols). Potential benefits of the
model for risk management and remediation of contaminated
sites are discussed.
Keywords Mercury . Hg . Reactive transport modelling .
HP1 . Geochemical speciation . Vadose zone . Leaching

Introduction
Historical production of mercury (Hg) and associated contamination of the environment started more than 500 years ago,
but industrial and related usages of Hg increased markedly in
the twentieth century (Hylander and Meili 2003). This led to
numerous sites of important soil contamination, posing significant threats to human health and ecosystem quality (see
Ottesen et al. 2013 for an overview of hot spots of
anthropogenic contamination sites in Europe). Recent investigations indicated that release from contaminated sites was
very important with respect to the global Hg balance (Driscoll
et al. 2013; Kocman et al. 2013).
For soil systems in particular, Hg pollution can result from
direct contamination (spilling, landfill, mine tailings, etc.) or
from indirect pathways such as the deposition of prior atmospheric emissions (Guédron et al. 2013). The main anthropogenic sources of soil contamination identified are Hg mining,
gold and silver mining, manufacturing (chlor-alkali plants,
manometer spill), wood preservation and cemeteries (through
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the release of Hg from dental amalgams) (UNEP 2002). This
variety of Hg release forms and phases means that speciation
in contaminated areas is often complex to apprehend (Bloom
et al. 2003), as it may vary over short distances (e.g. Millan
et al. 2011) and be influenced by co-contaminants (Renneberg
and Dudas 2001). Aging since the time of contamination is
also of importance because phase transformations or retention
mechanisms can show relatively slow kinetics (Davis et al.
1997; Biester et al. 1999).
The characterization of Hg contamination in soils has considerably improved over the last decade following developments in mercury speciation analysis techniques (Andrews
2006; Li et al. 2012). For instance, quantifying Hg complexation with dissolved organic matter (DOM) is nowadays better
addressed using X-ray absorption spectroscopy. As a consequence, field surveys of Hg contamination currently go beyond
the measurement of “total amount of Hg” and provide detailed
information on Hg speciation (Bernaus et al. 2006; Navarro
et al. 2006; Santoro et al. 2010). In parallel, the understanding
of Hg biogeochemistry in soils is continuously improving
(Skyllberg 2012). However, simulation tools are missing for
using this data at the scale of a contaminated site and for
modelling Hg fate in the unsaturated zone under variably
saturated and transient flow conditions. More specifically,
geochemical reactions such as aqueous speciation or specific
sorption to functional groups on soil organic matter are seldom
explicitly taken into account when modelling the migration
and fate of Hg in soil systems. Studies on mercury transport in
the unsaturated zone usually focus on the topsoil and gaseous
Hg emission or transport (e.g. Navarro-Flores et al. 2000;
Zhang et al. 2002; Walvoord et al. 2008) but do not include
any chemical reactions (i.e. gaseous Hg is assumed to behave
conservatively). To our knowledge, the only study of reactive
transport modelling of Hg in the unsaturated zone was by
Bessinger and Marks (2010), who investigated a site of historical mercury fulminate (Hg(CNO)2) production and numerically tested remediation by adjunction of activated carbon. A
reason for the relative lack of Hg geochemical modelling
studies in unsaturated soils may be the difficulty to fully
characterize these systems in order to exploit the capabilities
of reactive transport models (Steefel et al. 2005). This problem
was illustrated by Shaw et al. (2006), who simulated Hg and
CN− leaching in PHREEQC assuming saturated conditions
even though their experiments were conducted under unsaturated conditions. Alternatively, simplified models exist for
simulating Hg transport in soils, but they do not include
geochemical reactions. For example, in models simulating
Hg fluxes between different “pools” (atmosphere, soils, rivers
and sediments…), Hg leaching is often calculated using empirical equations (Tipping et al. 2011; Futter et al. 2012). As far
as saturated media are concerned, recent applications of reactive transport modelling of Hg include Bessinger et al. (2012),
Zhu et al. (2012) and Johannesson and Neumann (2013).
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The objective of the present study is to develop a model
capable of simulating Hg fate and transport in unsaturated soil
systems including effects of variably saturated water flow,
specifically addressing anthropogenic sources of contamination. In a first part, the conceptual model is presented and the
main equations implemented in the HP1 numerical code
(Jacques et al. 2006, 2008a, b) are given. Then a set of
hypothetical test cases using different contamination sources
(elemental, solid and aqueous Hg) and combinations hereof
are presented. The results are discussed on the basis of indicators such as Hg leaching or the amount of Hg that is sorbed
to the soil organic matter. Finally, the potential contributions
of the model to pollution risk assessment and remediation are
discussed.

Development of a model of Hg fate in soil systems
Conceptual model
Figure 1a shows the mercury cycle from the perspective of
soil systems. Sources of Hg (both anthropogenic and natural)
include ore deposits, the atmosphere, vegetation and human
activities. Vegetation and the atmosphere can also be considered as Hg sinks for soil systems, together with surface and
ground water. Figure 1a furthermore includes the main chemical and transport processes affecting Hg fate in soil systems.
Not all these processes are considered relevant for the development of our conceptual model, as its scope is limited to the
pollution resulting from human activities that lead to a direct
input into soil systems (spills, mining, etc.). Therefore, atmospheric wet and dry depositions are ignored. The resulting Hg
flux to soil systems coming from these is generally very small
compared to that from other anthropogenic activities. For the
same reason, vegetation uptake and litter fall are not considered in the model. Plant root uptake of Hg from soils is
generally very low and can be neglected (Schuster 1991;
Pant et al. 2010) even though exceptions exist (e.g. PérezSanz et al. 2012). The migration of Hg as a non-aqueousphase liquid (NAPL) is not considered as it appears to be
negligible in non-cracked soils (Eichholz et al. 1988), but the
dissolution of residual Hg NAPL is included as one of the
possible sources of contamination to represent historical
NAPL pollution. Finally, mercury methylation is not included
because the present model assumes oxic conditions in which
this process is less important (Ullrich et al. 2001; Skyllberg
et al. 2003).
To summarize, the key processes and phase changes
retained for the model are aqueous speciation and complexation (with organic and inorganic ligands), Hg sorption to solid
organic matter (SOM) and desorption, leaching, Hg precipitation and dissolution, residual Hg NAPL dissolution, Hg2+
reduction to Hg0 and volatilization (Fig. 1b).

Environ Sci Pollut Res (2014) 21:12279–12293

12281

a

b

Fig. 1 a Mercury cycle in soil systems. Oval shapes denote Hg sources,
rectangles are for Hg sinks and rounded rectangles are components that
can act as both sources and sinks. b Conceptual model of Hg speciation

and reactions in the solid, aqueous and gas phases. Initial Hg release can
be in the form of NAPL, solid or aqueous phase

Mathematical model

conductivity [L T−1]. To describe the relations between θ–h
and K–h, the van Genuchten equations (van Genuchten 1980)
are used, as shown in Eqs. 2 and 3:

The mathematical description of the conceptual model requires three types of equations: (i) Richards’ equation for
variably saturated water flow in soil systems; (ii) advectivedispersive or diffusive transport of the primary species in the
aqueous and gaseous phases, respectively; and (iii) thermodynamic (equilibrium) and kinetic geochemical reactions, phase
transformations and phase transfers (solid to aqueous phase
and reverse transfers, as well as aqueous-gaseous exchange).
The soil is conceptualized as a three-phase system at the
continuum scale, and flow and transport processes are defined
for a uniform porous medium. This section presents the full
mathematical description of the model.
Water flow
The water flow equation is based on mass conservation within
a given soil volume and on flux summation to and from this
volume. Fluxes are described using the Darcy-Buckingham
law relating the flux to the pressure head gradient in the
variably saturated soil and a moisture-dependent proportionality factor. The resulting one-dimensional Richards equation
for water flow in soils is given by Eq. 1:





∂θðhÞ
∂
∂h
¼
K ð hÞ
þ cosα −S ðhÞ
∂t
∂x
∂x

ð1Þ

where h is the soil water pressure head [L], θ the volumetric
water content [L3 L−3], t time [T], x the spatial coordinate [L]
(positive upward), S the sink term to represent root water
uptake [L3 L−3 T−1], α the angle between the flow direction
and the vertical axis, and K is the unsaturated hydraulic

θðhÞ ¼ θr þ

θs −θr
m
ð1 þ jαhjn Þ

ð2Þ

and
h 
m i2
K ðhÞ ¼ K s S le 1− 1−S e1=m

ð3Þ

where θr is the residual water content [L3 L−3]; θs the saturated
water content [L3 L−3]; α [L−1], n [−] and m (=1−1/n) [−] shape
parameters; l a pore connectivity parameter [−]; Ks the saturated
hydraulic conductivity [L T−1]; and Se =(θ−θr)/(θs −θr) the effective saturation.
Solute movement
Solute transport is only calculated for so-called primary species for which the total concentration is defined as

C j ¼ cj þ

N sa
X

vji ci

ð4Þ

i¼1

where Cj is the total concentration of the primary species j
[M L−3], cj the concentration of aqueous species j, ci the
concentration of the ith secondary aqueous species, vji the
stoichiometric coefficient of the primary species j in the ith
secondary species and Nsa the number of secondary aqueous
species. For a species-independent diffusion coefficient,
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solute transport in the aqueous phase is described by the
advective-dispersive equation:


∂θC j
∂C j ∂qC j
∂
θDw
¼
−SC r; j þ Ro; j
−
∂x
∂t
∂x
∂x

ð5Þ

where S is the sink term in the water flow equation
[L3 L−3 T−1], Cr, j the total concentration of the sink term
[M L−3], Dw the dispersion coefficient in the liquid phase
[L2 T−1] and Ro, j the source/sink term that represents various
heterogeneous equilibrium and kinetic reactions (e.g. cation
exchange, surface complexation, mineral dissolution) and homogeneous kinetic reactions (e.g. degradation reactions in the
aqueous phase) [M L−3 T−1]. In the gaseous phase, diffusion is
the only transport process:


∂θa C j
∂C j
∂
θa Da
¼
þ Ro; j
∂x
∂t
∂x

ð6Þ

where θa is the air content [L3 L−3]. The dispersion coefficients
Dw and Da in Eqs. 5 and 6, respectively, are given by
θDwi ¼ DL jqj þ θDi;w τ w
θa Dai ¼ θa Di;a τ a

ð7Þ

where Di, w and Di, a [L2 T−1] are, respectively, the molecular
diffusion of aqueous species i in free water and gaseous
species i in the gas phase, DL is the longitudinal dispersivity
[L] and τw and τw [−] are the tortuosity factors in the liquid and
gaseous phases, which are related to the water content by the
model of Millington and Quirk (1961).
Aqueous speciation and complexation
Aqueous complexation reactions between inorganic and organic primary species are calculated using a thermodynamic
approach (mass action laws) and the Debye-Hückel activity
correction model. To do so, we use a version of the
Thermoddem database (Blanc et al. 2012) updated for inorganic mercury species. The database was extended to surface
complexation reactions by including specific equilibrium constants from Skyllberg (2012).
The selection of the Hg species is obtained from the following reliable sources: the CODATA database (Cox et al.
1989), the IUPAC (Powell et al. 2005), the Baes and Mesmer
(1976) selection and a specific review by Bessinger and Apps
(2005). The selection process is explained in more details in
Online Resource 1. Only a limited refinement of thermodynamic properties was performed due to a lack of experimental
data. Verification was achieved by drawing predominance
diagrams and comparing with similar diagrams found in literature (see the example in Online Resource 1)

Complexation of Hg2+ with dissolved organic matter
(DOM) is represented by complexation with four reactants
symbolizing different functional groups such as humic and
fulvic acids (Ya, Yb and Yc) and thiols (Ys). Thiol groups
contribute to ∼0.9 % of the total DOM exchange sites
(Skyllberg 2008), in line with the reported sulphur percentage
range in DOM (0.5 to 2.0 % in weight; Ravichandran 2004).
For humic and fulvic acids, the relative abundance of Ya, Yb
and Yc functional groups is 88.1, 11.3 and 0.6 %, respectively.
Mass action constants for Hg2+ complexation with DOM are
taken from Bessinger and Marks (2010) for fulvic and humic
acids and from Skyllberg (2008) for thiols (Table 1, left
column)
Colloidal transport of Hg (Sen and Khilar 2006; Zhu et al.
2012) is implicitly present in the model by the transport of
DOM-bound Hg. Numerical solutions for simulating colloid
formation and migration in a more realistic manner exist
(Šimůnek et al. 2006) but generally demand numerous specific parameters that are not available for the present case.
Hg sorption to solid organic matter
An approach based on multiple proton/ion exchangers is used
to describe the interactions between Hg and immobile SOM.
Again, four reactive surface sites are considered (Table 1, right
column), denoted as Xa, Xb, Xc (representing oxygen sites of
fulvic and humic acids) and Xs (representing thiols). Similarly
to DOM, thiol exchange sites represent ∼0.9 % of the total
SOM, and the relative abundance of Xa, Xb and Xc is the
same as that for Ya, Yb and Yc (see “Aqueous speciation and
complexation”). For fulvic and humic acids, sorption of H+,
Ca2+, Mg2+, K+, Na+, Hg2+ and HgOH+ to exchange sites is
included in the model. Reactions and exchange constants
other than those included in the Thermoddem database are
provided in Online Resource 2. For thiol groups, ion exchange
is simulated with H+, Ca2+, Mg2+, K+, Na+ and Hg2+. The
mass action constants are taken from Bessinger and Marks
(2010) for fulvic and humic acids and from Skyllberg (2008)
for thiols (Table 1, right column). Exchange reactions are
written according to the Gaines-Thomas convention. In soils
with Hg background concentrations, thiols are always in
excess compared to Hg (Skyllberg 2010). However, in soil
systems contaminated by human activities, this may not always be the case.
Dissolution of solid and residual non-aqueous-phase liquid
mercury
The dominant solid form of Hg2+ in contaminated soil is
cinnabar (HgS(s)), which is taken in the current model as the
only Hg solid phase. For the simulation of cinnabar dissolution, a rate law is implemented assuming a surface area of
0.23 m2 g−1 (Waples et al. 2005). Since the presence of DOM
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Table 1 Equilibrium constants
for Hg-DOM complexes (represented by Ya, Yb, Yc and Ys; left
column) and for sorption of Hg to
SOM (ion exchange assemblage
represented by Xa, Xb, Xc and
Xs; right column)

a

Bessinger and Marks (2010)

b

Skyllberg (2008)
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Complexation Hg-DOM

Log k

HYa+0.5Hg2+ =Hg0.5Ya+H+
HYb+0.5Hg2+ =Hg0.5Yb+H+
HYc+0.5Hg2+ =Hg0.5Yc+H+
HYa+HgOH+ =HgOHYa+H+
HYb+HgOH+ =HgOHYb+H+

−1.1a
−7.6a
−1.8a
−3a
1.8a

HYc+HgOH+ =HgOHYc+H+
2HYs+Hg2+ =HgYs2 +2H+

2.0a
22.0b

enhances the solubility and dissolution of cinnabar
(Ravichandran 2004), the rate is dependent on DOM concentration in soil water:
C ðt Þ ¼ C 0 expð−λcinn DOM t Þ

ð8Þ

where C(t) is cinnabar concentration at time t [M L−3], C0 the
initial cinnabar concentration in soil [M L−3], DOM the dissolved organic matter concentration at time t [M L−3] and λcinn
the dissolution rate per unit DOM [T−1 M−1 L3]. In the
numerical simulations presented below, a value of 7.33×
10−3 day−1 gOC−1 is used for λcinn, corresponding to the
average of the minimum and maximum rates determined by
Waples et al. (2005) among 12 different DOM isolates. Since
these rates were obtained by batch experiments, they can be
regarded as upper limits of the dissolution rate that would take
place in unsaturated conditions.
Concerning NAPL dissolution, several approaches exist for
characterizing the relationship between mass flux reduction and
mass removal. These approaches are usually based on sourcedepletion models or mass-removal functions (e.g. Jawitz et al.
2005; Brusseau et al. 2008; Basu et al. 2008). However, these
models often require additional parameters such as a mass
transfer coefficient between the NAPL and the soil solution
and the specific interfacial area between phases, which are
currently not available for a liquid Hg0-air-water system. Therefore, a simple dissolution model with a first-order rate equation
(after Zhu and Sykes 2004) is implemented:
C ðt Þ ¼ C 0 expð−λNAPL t Þ

ð9Þ

where C(t) is Hg NAPL concentration at time t [M L−3], C0 the
initial Hg NAPL concentration in soil [M L−3] and λNAPL the
NAPL dissolution rate [T−1]. Due to the paucity of data on Hg
NAPL, no dissolution rate could be derived from the literature. Realistic dissolution rates can be approximated to some
extent by observed persistence time of Hg NAPL in soils (e.g.
Bloom et al. 2003), but this remains a parameter with a high
level of uncertainty. An arbitrary rate is fixed such that residual NAPL has a half-life of approximately 2.2 years (Table 2).

Sorption Hg-SOM

Log k

Hg2+ +2Xa− =HgXa2
Hg2+ +2Xb− =HgXb2
Hg2+ +2Xc− =HgXc2
HgOH+ +Xa− =HgOHXa
HgOH+ +Xb− =HgOHXb

3.5a
4.3a
5.08a
7.7a
7.7a

HgOH+ +Xc− =HgOHXc
Hg2+ +2HXs=HgXs2 +2H+

10.2a
15.4b

Hg reduction and volatilization
Starting from Hg2+, mercury transfer to the atmosphere requires three steps: (i) reduction of Hg2+ to Hg0, (ii) diffusion
or mass transport of Hg0 to the soil surface (in gaseous and
aqueous phases) and (iii) diffusion or mass transport of Hg0
across the soil-air boundary layer into the atmosphere
(Schlüter 2000). Soil temperature and Hg adsorption are considered the most important factors driving Hg volatilization
(Gabriel and Williamson 2004). Mercury volatilization (or
evaporation) has been found to increase with increasing soil
temperature (review by Schlüter 2000), and direct sunlight can
enhance the reduction of Hg 2+ to Hg 0 (Gabriel and
Williamson 2004). The presence of Hg sorption sites decreases Hg volatilization as Hg2+ sorbed to a soil component
has a lower tendency to be reduced compared to free Hg2+ in
solution (Schlüter 2000). For soils contaminated with nonvolatile mercury species, it can be expected that the production of volatile mercury (instead of meteorological conditions)
is the evaporation rate-limiting process (Schlüter 2000).
The transformation of aqueous Hg2+ into gaseous Hg0
involves two reactions, namely a reduction reaction (Eq. 10)
and a volatilization reaction (Eq. 11):
Hg 2þ þ H2 O ⇆ Hg0 ðaqÞ þ 1=2 O2 þ 2Hþ

logk ¼ −20:649
ð10Þ

Hg0 ðaqÞ ⇆ Hg0 ðgÞ logk ¼ 0:924

ð11Þ

where the log k values were recovered from the Thermoddem
database. Thermodynamically, Hg volatilization seems not
favoured in the present case under the (assumed) prevailing
oxidizing conditions. However, Hg(g) emissions are often
observed at contaminated sites. Therefore, the reduction of
Hg2+ to Hg0 is described by a first-order kinetic reaction:
C ðt Þ ¼ C 0 expð−λred t Þ

ð12Þ

where C(t) is the concentration of Hg2+ in solution at time t
[M L−3], C0(t) the initial concentration of Hg2+ [M L−3] and
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λred the Hg2+ reduction rate [T−1]. This reaction is applied to
the top 5 cm of the soil profile, reflecting the influence of
sunlight and temperature to the topsoil only. The parameter
values used for processes related to the reduction and volatilization of Hg are given in Table 2. In the present study, the
value of λred (6.91×10−6 day−1) is taken from Scholtz et al.
(2003), who selected it to match measured Hg volatilization
(between 1.2×10−2 and 4.5×10−2 μg m−2 h−1, data from Carpi
and Lindberg 1998 at soils with a background Hg concentration). For contaminated sites, the fitted reduction rate might be
higher, as suggested for instance by Hg0(g) emission rates of
0.01 to 0.85 μg m−2 h−1 measured by Rinklebe et al. (2010).
DOM sorption to minerals
DOM sorption to mineral surfaces is modelled using a Langmuir isotherm. The PHREEQC model for surface complexation is used, as follows:
DOMSor ¼

K L S max DOM f
−b
1 þ K L DOM f

ð13Þ

where DOMSor is the amount of DOM sorbed [mg kg−1], KL
the coefficient of binding affinity [−], Smax the maximum
adsorption capacity [mg kg−1], DOMf the final equilibrium
concentration [mg kg−1] and b a desorption term [mg kg−1].
KL and Smax values (Table 2) were taken from the Langmuir
isotherm (with final concentration in the formulation) fitted by
Kothawala et al. (2008). Among their 52 mineral soil samples
grouped into nine different soil horizons, parameters for DOM
sorption in an Ah horizon (seven samples) were selected. This
corresponds to the top horizon of our hypothetical soil profile
(see “Hypotheses for the test case”), where most of the Hg
transformation and (de)sorption processes will take place. The
desorption term b (a correction for “native” adsorbed DOM on
minerals) is set to 0. The desorption term is generally useful to
Table 2 Parameterization of the
hypothetical test case

fit sorption batch experiments, but since we are dealing with a
numerical simulation of a hypothetical soil profile, we have no
reason to consider native adsorbed DOM and simply let the
incoming DOM progressively fill the adsorption sites.
Mathematical and numerical implementation
Simulators have been recently developed for simulating reactive transport in the subsurface, among which are MIN3P
(Mayer et al. 2002), PHT3D (Prommer et al. 2003),
HYDROGEOCHEM (Yeh et al. 2004), PHWAT (Mao et al.
2006), HP1, CRUNCHFLOW (Steefel 2009), PHAST
(Parkhurst et al. 2010), RICH-PHREEQ (Wissmeier and
Barry 2010). From these, MIN3P, HYDROGEOCHEM,
HP1, CRUNCHFLOW and RICH-PHREEQ can simulate
variably saturated flow. The code HP1 was chosen to implement the conceptual model presented above. HP1 (available at
http://www.pc-progress.com) is based on the coupling of
HYDRUS-1D (Šimůnek et al. 2008) for water and solute
transport and PHREEQC (Parkhurst and Appelo 1999) for
geochemical calculations. It has strong capacities to solve
reactive transport problems in unsaturated soils by allowing
selection of different relevant boundary conditions. The program calculates, for example, actual evapotranspiration by
including moisture-dependent water uptake by plant roots.
Because of the flexible way of setting up complex reaction
networks in PHREEQC, a property inherited by HP1, the
different geochemical reactions involving Hg can be implemented in a straightforward way. This also allows incorporating additional processes such as uptake by roots, colloidal
transport or other rate laws in future studies.
Hypotheses for the test case
A test case is developed for the numerical simulation of Hg
fate and transport in a variably saturated soil system. Three
possible sources of Hg contamination are considered: mercury

Parameter

Value

Unit

Reference

Initial Hg concentration
Cinnabar dissolution rate
NAPL dissolution rate
Hg2+ reduction rate
Hg0(g) diffusion coefficient in air
Atmospheric background Hg(g) concentration
DOM (in rainwater boundary solution)
Exchange site density of HA and FA
(SOM top 30 cm)
Exchange site density of thiols (SOM top 30 cm)
KL sorption DOM to soil minerals
Smax max. adsorption capacity of DOM to minerals

135
7.33×10−3
8.64×10−4
6.91×10−6
0.119
1
50
5.3

mg kg−1
day−1 gOC−1
day−1
day−1
cm2 s−1
ng m−3
mg L−1
meq gOC−1

–
Waples et al. (2005)
–
Scholtz et al. (2003)
Massman (1999)
–
Don and Schulze (2008)
Gustafsson (1999)

0.047
5.6×10−3
355

meq gOC−1
–
mg kg−1

Skyllberg (2008)
Kothawala et al. (2008)
Kothawala et al. (2008)
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release from (i) cinnabar (HgS(s)) dissolution, (ii) Hg NAPL
degradation and (iii) mercuric chloride (HgCl2(aq)) directly
added to the soil pore water. These three sources are among
the most frequent Hg species and phases found in mercurycontaminated land.
The model is applied on a hypothetical 1-m-deep soil
profile with a homogeneous sand texture. The van
Genuchten-Mualem model is used as input for solving the
Richards equation for water flow, using the following hydraulic parameters: θs =0.43 cm3 cm−3, θr =0.045 cm3 cm−3, α=
0.145 cm−1, n=2.68 and Ksat =712.8 cm day−1.
A 50-year time series of daily atmospheric boundary conditions is used, consisting of 25 years of data from observed
precipitation and calculated potential evapotranspiration from
Dessel (Campine region, north-eastern Belgium), repeated
once. This approach allows simulating spatial and temporal
variation in water content, air content and water fluxes which
may affect the transport of contaminants in the vadose zone
(Jacques et al. 2008a). Average precipitation and potential
evapotranspiration are ∼820 and ∼510 mm year−1, respectively. A grass cover is assumed at the soil surface with a uniform
rooting depth of 30 cm (no Hg uptake by the roots). Potential
evapotranspiration is split into soil evaporation and transpiration based on the leaf area index. The average actual evapotranspiration simulated is about 260 mm year−1 , with
100 mm year−1 of evaporation and 160 mm year−1 of transpiration. The average water flux at the bottom of the 1-m profile
is about 560 mm year−1. The hydraulic boundary condition at
the bottom of the soil profile is free drainage (deep ground
water) and oxidizing conditions are assumed.
Initial soil solution and rainwater composition are taken
from the Dutch “National Precipitation Chemistry Network”
(Stolk and 2001 Landelijk Meetnet Regenwatersamenstelling
- Meetresultaten, 1999), which can be considered as representative of the conditions in the Campine region. The source of
DOM in the soil system is considered to be infiltrating rainwater, i.e. a constant DOM concentration is included in the
initial and boundary solution composition. A value of
50 mg L−1 is chosen, corresponding to the median of the range
of concentrations (30 and 70 mg L−1 in spring and autumn,
respectively) measured by Don and Schulze (2008) on a site
(Kaltenborn) with a soil texture similar to that of the test case.
A more realistic approach is by explicitly modelling the
soil carbon cycle with the production of DOM from fresh and
humified organic matter. However, this mechanistic model
falls outside the scope of the present approach because of
model uncertainty in the soil carbon cycle, as well as parameter uncertainty.
Estimation of the exchange capacity assumed a soil bulk
density of 1.5 g cm−3, a uniform SOM content of 1 % in the
top 30 cm of the soil profile and an exchange site density of
5.3 meq gOC−1 (humic and fulvic acids; Gustafsson 1999) and
0.047 meq gOC−1 (thiol sites; Skyllberg 2008) (Table 2). Hg is
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thus only retained by the solid phase in the top 30 cm; below
this zone, it is assumed that the organic matter content is very
low. DOM sorption to minerals occurs over the entire profile.
The composition of SOM can vary strongly between different vegetation covers, soil types and climate conditions.
The exchange site density of thiols used here is considered
typical of a wetland sediment (Skyllberg 2008) and acceptable
for the present hypothetical case. For a real-case application,
site-specific values of SOM composition may be preferable to
determine the relative abundance of Hg and strong binding
sites, as this is a sensitive input variable (Leterme et al. 2013).
The first three simulations presented hereafter use a different Hg source in the topsoil: cinnabar for simulation A, Hg
NAPL (simulation B) and aqueous mercuric chloride (simulation C). Contrary to what is modelled for cinnabar and
NAPL where a dissolution release mechanism is assumed,
mercuric chloride as a source of contamination is added to
the soil solution in one single event. Initial Hg contamination
is assumed to be uniformly spread in the top 10 cm of the soil
profile, with a concentration of 135 mg [Hg]kg−1 [soil]
(realistic for a site of anthropogenic contamination; see, for
example, Bloom et al. 2003; Boszke et al. 2008; Bollen et al.
2008).
Four simulations (D to G) are performed with the same
initial Hg concentration but using combinations of the three
different Hg sources: 50 % HgS(s) and 50 % Hg NAPL, 50 %
Hg NAPL and 50 % HgCl2(aq), 50 % HgS(s) and 50 %
HgCl2(aq), and a case with one third of each.
The model outputs considered are (i) Hg volatilized to the
atmosphere, (ii) Hg leached from the 1-m-deep soil profile,
(iii) Hg still present in the originally contaminated soil horizon
(top 10 cm) and (iv) Hg present in the biologically active soil
zone below the originally contaminated soil horizon (between
10 and 30 cm). Results are expressed in percentages of initial
Hg contamination.

Results and discussion
Hg2+ speciation related to SOM and DOM
Figure 2 shows the Hg sorption isotherm with the total Hg
concentration ranging from 0.05 to 1 mmol L−1. At low Hg
concentrations, sorption occurs exclusively on thiol groups,
due to their higher sorption strength (Table 1). This is in
accordance with Skyllberg (2010), who suggested that under
oxic conditions with 1 % SOM and low or moderate Hg
contamination (≤0.1 mg [Hg]kg−1 [soil]), the concentration
of Hg may be exclusively bound to thiol groups. Sorption on
HA and FA starts at a total Hg concentration between 0.3 and
0.4 mmol L−1 (first via HgOHXa and HgOHXc) when thiol
sorption sites become saturated, and peaks at a total Hg
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Fig. 2 Sorption isotherm of Hg
on SOM (plain lines) and Hg in
aqueous phase (dotted line with
triangles). Sorption to thiol
groups (Xs in Table 1) and humic
and fulvic acids (Xa, Xb, Xc in
Table 1) are distinguished (light
grey line with squares and dark
grey line with diamonds,
respectively)

concentration of 1 mmol L−1. The presence of ∼1 % of
aqueous Hg at low total Hg concentrations is due to the
complexation of Hg2+ with strongly binding DOM thiol
groups. The minimum concentration of aqueous Hg is found
at 0.5 mmol L−1 of total Hg. At higher total Hg concentrations,
the increase of Hg cannot be fully assimilated by HA and FA
sorption sites (due to competition of other cations) and
Hg(OH)2(aq) starts to form.
Figure 3 shows how the apparent distribution ratio (Kd
expressed as the concentration of Hg-SOM [mol L−1] over
the total aqueous concentration Hg(aq) [mol L−1]) changes
with increasing total Hg concentration, in the presence
(50 mg L−1) or absence of DOM in the aqueous phase. At

Fig. 3 Mercury apparent Kd with 50 mg L−1 DOM (triangles) or no
DOM (circles) in the soil solution

Hg total concentrations lower than ∼0.5 mmol L−1, the presence of DOM in the solution has a high impact on the apparent
Kd (more than 10 orders of magnitude smaller than in the
absence of DOM). It follows from Table 1 that DOM thiols are
responsible for this lower apparent Kd, as only the thiols
involving complexation reaction have higher equilibrium constants than the Hg sorption reactions. Above 0.5 mmol L−1 of
total Hg, sorption sites are saturated and the presence of DOM
has no impact on the apparent Kd.
Simulation A: cinnabar (HgS(s))
The values of the cinnabar dissolution rate (λcinn, Table 2) and
DOM concentration in rain resulted in 50 % of the cinnabar
remaining in its initial form even after 50 years (Table 3).
Figure 4a shows the profile of cinnabar concentration after 5,
10, 25 and 50 years. The slightly faster dissolution at the
surface is due to the influence of DOM on the dissolution rate
(Eq. 8); deeper in the soil profile, more DOM is sorbed to
minerals. Alternatively, DOM concentration near the surface
can be quite high during dry soil conditions due to evaporation
and some upward transport which is to a given extent similar
to the effect of Cl accumulation on Cd fate as mentioned by
Jacques et al. (2008b). Figure 4b shows the profile of Hg
sorbed to SOM. After 50 years, about 10 % of the initial
contamination is present in the top 10-cm in the form of
Hg2+ sorbed to SOM (Table 3).
The most favourable reaction from a thermodynamic viewpoint is the complexation of Hg2+ with DOM thiols (Table 1).
However, these functional groups are the less abundant among
the four postulated DOM functional groups. Therefore, if the
initial release of free Hg2+ ions in the soil solution is slow

Environ Sci Pollut Res (2014) 21:12279–12293
Table 3 Results of simulations A
to C after 5, 25 and 50 years,
expressed in percentage of the
initial Hg contamination
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Hg volatilized (%)

A, 100 % cinnabar (HgS(s))
After 5 years
<0.1

0.2

After 25 years

<0.1

6.6

After 50 years

<0.1

19.1

B, 100 % Hg NAPL
After 5 years
<0.1

0.3

After 25 years
0.2
After 50 years
0.2
C, 100 % HgCl2(aq)
After 5 years
<0.1
After 25 years
<0.1
After 50 years

<0.1

enough, a higher proportion of the released Hg will be
transported via these highly stable Hg complexes (as shown
by the higher percentage of Hg in solution at low Hg concentrations; Fig. 2) and less retardation occurs than in the case of a
high release rate. Figure 5 shows Hg2+ leaching concentrations at the bottom of the soil profile over time. After 15 to
20 years, Hg2+ concentrations stabilize between 10−4 and
10−3 μg L−1. Simulated Hg2+ concentrations increase in dry
periods (due to root water uptake which results in higher
DOM concentration in the subsurface pore water), but appear
to remain above a certain level (i.e. >10−4 μg L−1), which is
actually determined by the concentration of thiols in the soil
solution.
The effect of the four different exchange sites and corresponding mass action constants that are inversely proportional

a

Hg leached (%)

Hg in top 10 cm (%)

HgS(s), 93.6
Hg-SOM, 4.2
HgS(s), 70.7
Hg-SOM, 11.7
HgS(s), 50.0
Hg-SOM, 10.1

Hg-SOM between 11
and 30 cm (%)

2.0
11.0
20.7

7.3
20.5

Hg NAPL, 20.6
Hg-SOM, 74.4
Hg-SOM, 72.3
Hg-SOM, 44.9

4.7
20.4
34.5

1.6
13.7

Hg-SOM, 42.0
Hg-SOM, 23.8

56.4
62.4

32.1

Hg-SOM, 1.8

66.0

to their abundance is reflected in the evolution of the Hg
leached/Hg sorbed ratio in the 11–30-cm interval. This ratio
is equal to 0.1 after 5 years, 0.6 after 25 years and finally ∼1
after 50 years (Table 3). In other words, when the thiol groups
of SOM are occupied by sorbed Hg relatively early in the
simulation, HA and FA sorption sites are still available. Over
time, HA and FA sites progressively sorb the additional Hg2+
released from cinnabar dissolution, but Hg leaching is proportionally more important as the sorption bonds are less strong
compared to thiols (Table 1).
Simulated Hg volatilization was negligible (<0.1 % of the
initial contamination). This is mainly due to the fact that the
reduction rate depends on the total Hg2+ concentration in the
aqueous phase, i.e. the free Hg2+, the inorganic and organic
aqueous complexes of Hg2+, and not on sorbed species. As

b

Fig. 4 Depth distribution of Hg (a) in solid phase (HgS) and (b) sorbed to SOM at t=0, 5, 10, 25 and 50 years for the simulation with cinnabar as the
contamination source. Note that, for clarity, the y-axis stops at 50 cm depth
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Fig. 5 Hg2+ leaching
(μg m−2 day−1) over time for
simulation A with cinnabar
(HgS(s)) as the contamination
source. Grey dots are daily
simulated fluxes at the bottom of
the soil profile. The black line is the
result of a moving average
(window, 31 days) on the daily
data. Grey bars show the surface
precipitation input (averaged every
2 months for clarity). Note that the
y-scale is logarithmic for Hg2+
leaching

Hg2+ concentration in the aqueous phase is relatively low at
any time, Hg reduction and volatilization are consequently
limited. Simulated Hg0 flux was never above 10−8 μg m−2 h−1.
For comparison, Rinklebe et al. (2010) measured 0.01 to
0.85 μg m−2 h−1 Hg emission from heavily polluted floodplain
soils.
Simulation B: Hg NAPL
Simulated NAPL dissolution is faster than that of cinnabar,
but in the case of NAPL, the dissolution rate is chosen arbitrarily to be dissolved in a period of about 25 years and is not
based on any laboratory or field data. Panels a and b of Fig. 6
show the concentration profiles over time for Hg NAPL and
Hg sorbed to SOM, respectively. After 25 years, no more Hg
is present as NAPL, but almost 75 % of the initial mercury
remains sorbed to SOM in the top horizon (Table 3). This
sequence of Hg transformation, from the initial Hg0(l) to Hg2+
and then binding to SOM, was observed in studies of different
contaminated sites (e.g. Slowey et al. 2005; Boszke et al.
2008). Biester et al. (2002) similarly observed that even after
high-contamination events, very few Hg0 persisted in liquid

a

form: Hg0 was either rapidly volatilized or more slowly oxidized to Hg2+.
Figure 6b shows that within the time frame of the simulation, maximum Hg concentration is found at the bottom of the
initially contaminated horizon. This reflects a concentration
profile resulting from a past contamination episode, as opposed to typical concentration profiles of heavy metals decreasing with depth, which indicates continuous enrichment at
the surface, for example via irrigation using wastewater (Abdu
et al. 2011; Liu et al. 2014).
The faster release of Hg from the source compared to
cinnabar produces only a slight increase in leaching (20.5
and 19.1 % after 50 years for the NAPL and cinnabar sources,
respectively), but Hg sorption to SOM in the topsoil increases
significantly (44.9 % of the initial Hg after 50 years vs. 10.1 %
in simulation A). This is due to the (relatively) limited amount
of DOM thiols in infiltrating rainwater; i.e. above a certain
concentration, the extra Hg released in soil water is less
strongly bonded to DOM HA and FA or to inorganic ligands
and is thus more prone to sorption.
The maximum concentration of Hg sorbed to SOM
(Fig. 6b) reaches almost the initial NAPL concentration

b

Fig. 6 Depth distribution of Hg a in non-aqueous phase liquid (NAPL) and b sorbed to SOM at t=0, 5, 10, 25 and 50 years for simulation B with NAPL
as the contamination source. Note that, for clarity, the y-axis stops at 50 cm depth
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(Fig. 6a) and occurs after ∼25 years, corresponding to the end
of Hg release from the NAPL source.

term decrease of SOM-sorbed Hg. After 50 years, there is
almost no more Hg in the top 10 cm and 32.1 % of the initial
contamination has leached (Table 3).

Simulation C: mercuric chloride (HgCl2(aq))

Simulations D to G: combinations of different Hg sources

An increased amount of leaching was simulated when considering mercuric chloride as a contamination source (Table 3),
the reason being that all Hg is instantaneously released in the
aqueous phase (contrary to simulations A and B in which Hg
was progressively released) and, consequently, the maximum
sorption capacity for Hg is rapidly reached. Therefore, a
significant part of Hg migrates below the original contamination horizon in the early time steps.
Figure 7 shows the percentage of SOM-sorbed Hg relative
to the initial contamination expressed as cumulative amount
between the soil surface and a given depth (y-axis) as a
function of time (x-axis). For example, after the first time step,
42.8 % of the initially aqueous Hg is sorbed to SOM in the top
10 cm and about 19.5 % is sorbed to SOM between 11 and
30 cm depth (thus, 62.3 % is sorbed in the top 30 cm) while
the remaining 37.7 % is still in the form of aqueous Hg. The
SOM-sorbed mercury rapidly increases up to ∼100 %, which
is indicated by the dark red zone at a depth of about 25 cm at
the beginning of the simulations (smaller than ∼5 years).
Within this time period, the amount of Hg in the aqueous
phase is minimal. The percentage of SOM-sorbed Hg decreases over time as a result of leaching, induced mainly by
Hg complexation with DOM thiols. As illustrated in Fig. 3, at
low concentrations of total Hg, the apparent Kd is drastically
lowered in the presence of DOM. The thiol groups of DOM
are the main agents of Hg leaching, and the regular input (via
rainwater) of DOM into the soil solution results in the long-

Figure 8 shows the results after 5, 25 and 50 years of the
simulations combining different Hg contamination sources.
As already observed in simulations A and B, cinnabar dissolution is half completed after 50 years, while complete NAPL
dissolution occurs within the first 25 years. This has consequences on the amount of Hg available in the aqueous phase
for sorption and leaching, especially at the beginning of the
simulations. However, because the NAPL dissolution rate is
arbitrarily fixed, conclusions that stem from the relative dissolution rates of cinnabar and Hg NAPL have to be taken with
caution.
Although Hg leaching starts earlier when HgCl2(aq) is
present as a source of contamination, the percentage of
leaching after 50 years remains between 20 and 22 % for all
four simulations D to G. This suggests that, on the long term,
leaching does not depend much on the type of contamination
and the release mechanisms (instantaneous compared to
dissolutional release) but rather on factors related to the concentration of complexing agents and sorption capacity. A
global sensitivity analysis performed on the main parameters
and processes of the model (but not combining different Hg
sources) showed that for leaching after 50 years, the most
sensitive factors are Hg sorption strength to HA and FA, DOM
concentration and initial Hg concentration (Leterme et al.
2013). The sorption strength to HA and FA (less strongly
binding but much more abundant than thiol groups) largely
determines how much of the initial mercury can be retained in
the polluted soil horizon. If the sorption capacity on a contaminated site is estimated insufficient for preventing significant leaching, one can immobilize mercury by increasing the
number of sorption sites with a high binding strength (e.g.
using powdered activated carbon as in Bessinger and Marks
2010).
The presence of HgCl2(aq) as one of the sources of Hg
contamination (simulations E to G) results in a higher percentage of mercury sorbed to SOM in the 11–30-cm interval,
below the originally contaminated horizon. This is because the
instantaneously released mercury results in higher Hg concentrations in the aqueous phase. Consequently, due to the limited
amount of DOM thiol ligands, a relatively lower percentage
(compared to the slower release of Hg from cinnabar or NAPL
dissolution) of the initial mercury is transported via strongly
bound Hg-DOM complexes and, therefore, sorption can take
place at a deeper level in the soil profile.
Globally, the results presented in Fig. 8 provide intermediate values of the output indicators compared to simulations A
to C dealing with individual contamination sources.

Fig. 7 Cumulative depth distribution over time of Hg sorbed to SOM (in
% of total initial Hg) for simulation C with mercuric chloride (HgCl2(aq))
as the contamination source
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SimulaƟon

IniƟal

AŌer 5 y

AŌer 25 y

10%

50%

D

50%

41%

39%

47%

AŌer 50 y

35%

26%

17%

25%

7%

4%

74%

50%

E

63%

50%

29%

37%

8%

0.5%

31%

50%

50%

20%

41%

10% 15%

F

29%

38%
47%
0.5%

18%

35%

25%

35%

25%

9%

15%

33.3%

22%

22%

51%

7%

57%

32%

31%

G
33.3%

33.3%

31%
0.3%

HgS(s)

Hg NAPL

HgCl2(aq)

5%

Hg-SOM (top 10 cm)

24%

18%
7%

Hg-SOM (11-30 cm)

17%

20%

Hg leached

Fig. 8 Pie charts showing the evolution over time (initial and after 5, 25, 50 years) of different Hg species/phases and leaching for simulations D to G
(combinations of different Hg contamination sources)

Potential applications to risk management and remediation
studies
Coupling unsaturated flow conditions with a detailed chemical modelling of Hg fate gives interesting perspectives regarding the management of contaminated sites. First and foremost,
this type of numerical model allows investigating likely transport pathways on the (very) long term. This may prove very
useful to anticipate future exposure pathways that could be
unexpected in the first place. The slow kinetics of some of the
Hg speciation and transformation processes (such as cinnabar
dissolution) may delay the occurrence of leaching or

volatilization. Under certain conditions (high number of sorption sites), this delay may typically be of the order of several
decades, i.e. potentially beyond site monitoring or management time frames (Leterme et al. 2013). If such exposure
pathways are not detected by real-time site monitoring, numerical modelling such as presented here has the potential to
help assess future human or ecological exposure.
Furthermore, using the present model in a sensitivity analysis allows identifying sensitive parameters for which sitespecific information should be collected (Leterme et al. 2013).
In this way, a better understanding of the dynamics of site
pollution and possible dispersion pathways may be obtained.

Environ Sci Pollut Res (2014) 21:12279–12293

Another useful application is the simulation of potential
remediation strategies for contaminated sites, such as demonstrated by Bessinger and Marks (2010). If the site is well
characterized, site-specific model parameterization is possible
and allows simulating and comparing of different remediation
options (e.g. removal of the most contaminated soil layer,
addition of powdered activated carbon, impervious cover…).
This information may bring additional confidence to a costbenefit analysis for designing remediation plans.

Conclusions
A one-dimensional model was developed for mercury fate and
transport in soils. The processes considered relevant under the
assumptions of anthropogenic contamination and oxic conditions were Hg transport and speciation in gaseous and aqueous
phases (with transport of Hg-DOM complexes as a surrogate
for colloid transport), Hg sorption to SOM, cinnabar and Hg
NAPL dissolution, Hg2+ reduction and volatilization, and
DOM sorption to minerals. This model was numerically implemented in the coupled reactive transport simulator HP1 for
variably saturated flow conditions.
First, Hg sorption isotherm and apparent Kd were presented, based on the thermodynamic database and organic matter
composition used in the model. At low Hg concentrations
(<0.5 mmol L−1), the apparent Kd was found to be highly
sensitive to the presence of DOM in solution. Hg2+ complexation with DOM thiols resulted in a decrease of the apparent
Kd value by more than 10 orders of magnitude (compared to
Kd in the absence of DOM).
A hypothetical test case was then presented, simulating
50 years of daily atmospheric input. The effect was studied
on a sandy soil profile, with three different phases of mercury
contamination: solid (cinnabar), liquid Hg, aqueous mercuric
chloride and combinations of these different sources. Depending on the source, Hg leaching after 50 years varied between
19 and 32 % of the initial amount of Hg. Hg volatilization was
negligible in all simulations because the Hg2+ reduction rate
was a function of the aqueous concentration of Hg2+, which
was always found to be very low.
The thiol groups in DOM were identified as the main
complexing agent responsible for Hg leaching. Hg complexation with inorganic ligands was in general not important,
except in the case of a massive and instantaneous release of
aqueous Hg. In our simulations, Hg2+ concentrations in the
aqueous phase outnumbered the amount of DOM thiols only
when the instantaneous release of HgCl2(aq) was one of the
sources (simulations C, E, F and G). This eventually produces
a migration of inorganic Hg species below the contaminated
horizon and sorption deeper in the soil profile.
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Thiol groups are also the most favoured sorption sites in
SOM. However, since the present model was developed for
contaminations from anthropogenic activities, high Hg concentrations were simulated and the (in SOM) more abundant
oxygen groups (humic and fulvic acids) were also important
in determining the fate and mobility of Hg in the soil. After a
simulated period of time of 50 years, the amount of Hg sorbed
on SOM in or below the contaminated horizon is ranging from
30.8 to 79.4 %. This variability is largely due to the presence
or absence of cinnabar as a contamination source (which, in
our test case, is only half dissolved after 50 years). Potential
applications of the model to the management of contaminated
sites were shortly discussed, including the assessment of
likely transport and exposure pathways and the simulation of
possible remediation actions.
A global sensitivity analysis of the model has been done
(Leterme et al. 2013). However, at this point, no model
calibration has been performed. Therefore, a next step is to
test our model against data from a real case study of Hg
contamination in the unsaturated zone. By using detailed
speciation data of Hg contamination in soils and confronting
numerical simulations to field observations, the model could
help to gain insights in the fate and transport of mercury and
thus improve our ability to mitigate the exposure to this
contaminant.
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